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Abstract 23 

Peatlands, used for purification of mining waste waters, have shown efficient solid-phase 24 

sequestration of contaminants such as arsenic (As). However, contaminant re-mobilization may 25 

occur related to management changes or chemical alteration of original peatland conditions. For a 26 

treatment peatland in Finnish Lapland, we here confirm efficient As retention in near-surface peat 27 

layers close to the mining waste water inflow, likely due to binding to FeIII-phases. Seven years 28 

into operation of the treatment peatland, there appears to be further retention potential, as large 29 

areas downstream still had solid-phase As concentrations at background levels. However, via 30 

depth-resolved pore water analysis we observed a hotspot 170 m from the inflow at 30-60 cm 31 

depth, where As pore water concentrations exceeded input concentrations by a factor of 20, 32 

indicating substantial As re-mobilization. At the same spot, a peak of reduced sulfur (S) species 33 

was found. Arsenic species detected were arsenite and up to 26% methylated oxyarsenates, 15% 34 

methylated and 7.9% inorganic thioarsenates. We postulate that As mobilization is a result of 35 

short-term re-equilibration to a changed inflow chemistry after installation of a process water 36 

treatment plant and a long-term consequence of changing pore water pH from acidic to near-37 

neutral, releasing reduced S and As. We infer that the co-occurrence of reduced S and As leads to 38 

formation of methylated and/or thiolated As species with known low sorption affinity, thereby 39 

further enhancing As mobility. Laboratory incubation studies with two peat cores confirmed a high 40 

S-induced As mobilization potential, especially when As-Fe-rich, oxic surface layers were 41 

incubated anoxically at near-neutral pH. Highest risk of As re-mobilization from this treatment 42 

peatland is expected in a scenario in which mining waste water inflow has stopped but the peatland 43 

remains flooded, and near-surface layers transition from oxic to anoxic conditions.  44 
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1. Introduction  51 

Many ores, mined for precious metals such as gold (Au), contain high amounts of the toxic 52 

metalloid arsenic (As), due to the association of both elements with sulfide minerals (Nordstrom, 53 

2011; Sheoran and Sheoran, 2006; Smedley and Kinniburgh, 2002). Therefore, large volumes of 54 

As-contaminated waste waters produced by mining operations need to be treated before discharge 55 

into the environment (Sheoran and Sheoran, 2006). Typically, As removal relies on active 56 

treatment methods, such as precipitation reactions (Johnson and Hallberg, 2005). In addition, 57 

peatlands can be used as hydraulic buffer zones between the mine and recipient rivers for peaks in 58 

high water discharge and for further purification of pre-treated mining waste water (Palmer et al., 59 

2015; Sheoran and Sheoran, 2006) because of their known efficiency in sequestration of As 60 

(González A et al., 2006; Lizama et al., 2011; Palmer et al., 2015; Rothwell et al., 2009).  61 

Efficient As sequestration is determined by both As speciation and the presence of iron (Fe) and 62 

sulfur (S) mineral phases as well as natural organic matter (NOM) (Langner et al., 2012). The most 63 

common As species in aquatic environments are arsenate (HxAsVO4
x-3, x=0–3) and arsenite 64 

(HxAsIIIO3
x-3, x=0–3) (Smedley and Kinniburgh, 2002). In addition, methylated As species, 65 

monomethylarsenate (MMA) and dimethylarsenate (DMA), which have been reported to form 66 

with the involvement of sulfate-reducing bacteria (Bentley and Chasteen, 2002; Chen et al., 2019), 67 

can be found in peatland pore water (Bauer et al., 2008; Blodau et al., 2008; Huang and Matzner, 68 

2006; Mikutta and Rothwell, 2016). 69 

The main retention mechanisms for As in peatlands are (co-)precipitation and sorption (Lizama et 70 

al., 2011; Sheoran and Sheoran, 2006). Under oxic conditions, all four aforementioned As species 71 

can adsorb to FeIII-(oxyhydr)oxides (Dixit and Hering, 2003; Lafferty and Loeppert, 2005; Raven 72 

et al., 1998), which are stable over a wide pH range. Furthermore, FeIII-NOM complexes can bind 73 
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arsenate (Mikutta and Kretzschmar, 2011; Sharma et al., 2010) as well as arsenite (Hoffmann et 74 

al., 2013). These As sorption mechanisms to Fe-phases have been demonstrated previously in 75 

peatlands (Bauer et al., 2008; Blodau et al., 2008; Langner et al., 2012; Mikutta and Rothwell, 76 

2016) and can result in a positive correlation between solid-phase As and Fe in oxic peat layers 77 

(Blodau et al., 2008; Rothwell et al., 2009). When reduced, FeIII-minerals dissolve and release 78 

ferrous iron (FeII) as well as associated As into solution (Blodau et al., 2008; Pedersen et al., 2006; 79 

ThomasArrigo et al., 2016).  80 

At reduced, sulfidic conditions with excess of sulfide, e.g. at seasonal peaks of sulfate reduction 81 

(Koretsky et al., 2006; Koretsky et al., 2007), and low to no Fe in solution, AsS minerals such as 82 

realgar (As4S4) and orpiment (As2S3) form at low pH (Cullen and Reimer, 1989; Ferguson and 83 

Gavis, 1972). These As-sulfide precipitates were also found to occur in peatlands (Langner et al., 84 

2014; Langner et al., 2013; ThomasArrigo et al., 2016). However, dissolved sulfide concentrations 85 

in peatland pore water are typically low (Besold et al., 2018; Shotyk, 1988; Steinmann and Shotyk, 86 

1995) because reduced S can be efficiently incorporated into peat organic matter (Heitmann and 87 

Blodau, 2006) and dissolved sulfide concentrations are limited by precipitation of Fe-sulfides in 88 

the presence of reduced Fe (O'Day et al., 2004). This precipitation typically results in an inverse 89 

correlation of dissolved Fe and sulfide concentrations in pore water (Koretsky et al., 2007). Arsenic 90 

can either co-precipitate with Fe- and sulfide-forming minerals such as arsenian pyrite and 91 

arsenopyrite (Langner et al., 2013) or adsorb to Fe-sulfide surfaces (Farquhar et al., 2002; 92 

ThomasArrigo et al., 2016).  93 

The most important As retention mechanism in sub- to anoxic peat layers is binding of arsenite to 94 

organic matter functional groups, which includes binding via phenolic/carboxylic groups of NOM 95 

(Biswas et al., 2019; Hoffmann et al., 2013), bridging via FeIII to NOM (Hoffmann et al., 2013) 96 
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and predominantly binding via thiol-groups of NOM (Hoffmann et al., 2012; Langner et al., 2012). 97 

Thereby, arsenite sorption via thiol-groups is most efficient at low pH values (Besold et al., 2018; 98 

Hoffmann et al., 2012).  99 

However, reduced S cannot only contribute to As retention in the solid phase, it has also been 100 

suggested to increase As mobility via the formation of thioarsenates (Eberle et al., 2020). Inorganic 101 

thioarsenates (HxAsVS-II
nO4-n

x-3; n=1-4; x=0-3; Table SI-1) form by the reaction of arsenite with 102 

dissolved sulfide and/or zero-valent S (Planer-Friedrich et al., 2015); the latter includes (colloidal) 103 

elemental S and inorganic polysulfide species ([S0
nS

−II]2−) (Kamyshny and Ferdelman, 2010). At 104 

low dissolved sulfide concentrations (SH-<OH-), monothioarsenate (MTAsV) is usually the 105 

dominant species, while higher thiolated As species are formed in excess sulfide (SH->OH-) 106 

conditions (Planer-Friedrich et al., 2015; Planer-Friedrich et al., 2010). Reaction of sulfide with 107 

MMA or DMA leads to formation of methylated thioarsenates (monomethylmonothioarsenate 108 

(MMMTAsV), monomethyldithioarsenate (MMDTAsV), dimethylmonothioarsenate (DMMTAsV) 109 

and dimethyldithioarsenate (DMDTAsV); Table SI-1) (Conklin et al., 2008; Wallschläger and 110 

London, 2008) which were shown to be stable over a wide pH range (Conklin et al., 2008).  111 

Inorganic thioarsenates have already been found to occur in high proportions (up to 93% of total 112 

As) in peatland pore water of a natural S-rich peatland (Gola di Lago) with MTAsV being the 113 

dominant As species (Besold et al., 2018). Further, inorganic thioarsenates have been shown to 114 

form upon sulfidization of iron-rich organic flocs from the Gola di Lago peatland (ThomasArrigo 115 

et al., 2016) which caused Fe reduction and As release as well as formation of primarily solid-116 

phase associated zero-valent S species (ThomasArrigo et al., 2016) via sulfide oxidation on Fe 117 

mineral surfaces (Burton et al., 2013; Hellige et al., 2012; Poulton, 2003; Poulton et al., 2004). To 118 
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the best of our knowledge, methylated thioarsenates have not been studied in or reported from 119 

peatlands, yet. 120 

Importantly, many of the thioarsenates have previously been reported to show low to no sorption 121 

tendency to NOM (MTAsV (Besold et al., 2018)) or Fe minerals (MTAsV, (Couture et al., 2013; 122 

Suess and Planer-Friedrich, 2012); MMMTAsV/DMMTAsV (Kerl et al., 2019)). Thiolation has 123 

therefore been proposed to contribute to As mobilization. Previously, we systematically studied 124 

how pH changes the role of reduced S in retention and desorption of As, sorbed to model peat 125 

(Eberle et al., 2020) in a laboratory experiment. We were able to show that addition of sulfide or 126 

polysulfides caused substantial As retention under acidic conditions but significantly enhanced As 127 

desorption by formation of thioarsenates at neutral to alkaline pH. This result, suggesting a pH-128 

dependent switch from an As sink to source, could have substantial environmental implications 129 

for management-related pH increases in As contaminated peatlands.  130 

Here, we now show field data from a treatment peatland in Finnish Lapland that has received pre-131 

treated, neutral to alkaline (pH 7.2-9.1) process effluent waters from a gold mine with high 132 

concentrations of As (up to 2.3 µM) and S (mainly sulfate up to 100 mM) since 2010. In its pristine 133 

condition, the peatland was acidic (pH<5, inferred from pristine peatlands in the area) but current 134 

pH-conditions are neutral to slightly alkaline in large areas, particularly in close proximity to the 135 

mining waste water distribution ditch, due to the high pH of the inflowing pre-treated mining waste 136 

water. The objectives of the present study were therefore (i) to investigate solid and aqueous As, 137 

S, and Fe peatland geochemistry, specifically assess natural occurrence of inorganic and 138 

methylated thioarsenic species in pore water, and (ii) to study the As mobilization potential upon 139 

addition of different S species via incubation experiments with samples taken from the peatland in 140 

order to assess possible future risks of S-induced As mobilization.   141 
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2. Materials and Methods 142 

2.1.  Site description 143 

The studied mining waste water treatment peatland A, one of two treatment peatlands (B is not 144 

included in this study), is located at about 68° northern latitude near a gold mine in Finnish Lapland 145 

(Figure 1). It has been used as a hydraulic buffer for peaks of water discharge and purification of 146 

pre-treated process effluent waters, which already meet environmental permit criteria, before 147 

discharge into a close-by river starting in 2010. The mining waste water was pre-treated in a 148 

tailings pond and, from December 2016 onwards, additionally cleaned in a process water treatment 149 

plant by precipitation of sulfate with Ca(OH)2. The treatment peatland has previously been 150 

described as treatment peatland 4 in Palmer et al. (2015), where the peatland was characterized as 151 

a poor fen with a peat depth of 0 to 150 cm, and vegetation cover mostly consisting of mosses (e.g. 152 

Sphagnum sp.), sedges (Carex sp.) as well as Trichophorum cespitosum and Eriophorum 153 

angustifolium. In its pristine condition, the peatland was acidic, presumably with a pH value lower 154 

than 5 like pristine peatlands in the area. A reference area of the treatment peatland unaffected by 155 

mining waste water showed a pH of 5.3 (Kujala et al., 2018). Being situated in a region of subarctic 156 

climate, the peatland is generally snow-covered from October to May followed by the highest run-157 

off after snow-melt in May. Large areas of the peatland can be flooded caused by the constant 158 

loading with process water, especially in the main flow paths, and therefore show a free-water 159 

column on top of the peatland surface as opposed to natural peatlands in the area. At the time of 160 

sampling (June 2017), the peatland received mining waste water with a pH of 7.9-8.0, electrical 161 

conductivity of 3.4±0.2 mS/cm, 21±1 mM sulfate, 0.54±0.29 µM Fe and 0.24±0.04 µM As 162 

(detailed chemical composition of inflow and outflow water of 2016-2017 provided through the 163 
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environmental monitoring program of the mining company can be found in the Supporting 164 

Information Table SI-2, Figures SI-2 and SI-3).  165 

 166 

2.2.  Sampling of surface water, pore water and peat profiles 167 

Surface water, pore water profiles and peat profiles were sampled at seven locations along the 168 

main water flow path in the treatment peatland A (A1-7, Figure 1) during a field campaign in June 169 

2017. Surface water was collected using a syringe, filtered (0.2 µm, cellulose acetate) and 170 

preserved for As speciation as well as total element analysis. Electrical conductivity (EC), pH and 171 

redox potential in surface water were measured in situ. Pore water was sampled using equilibrium 172 

dialysis chambers (peepers) as described in Hesslein (1976), designed with a length of 80 cm and 173 

1 cm depth resolution (yielding 5 mL sample volume per chamber) (Figure 1). Peepers were 174 

installed in the peatland in mid-May 2017 and left in the peat for equilibration for 4 weeks. In mid-175 

June 2017, the peepers were collected, sealed with plastic wrap and a rubber plate, and were 176 

transported in bags filled with argon, to avoid redox-induced sample change, to the nearby 177 

provisional field laboratory.  178 

In the field laboratory, the pore water was sampled from peepers every 5 cm for the first 20 cm 179 

and every 10 cm for 20 to 80 cm depth using syringe and needle and pooling pore water from the 180 

target depth ± 1 cm (15 mL). All samples were filtered (0.2 µm, cellulose acetate) and stabilized 181 

for As speciation, total element analysis, as well as zero-valent S determination. In addition, 182 

sulfide, FeII and total dissolved iron (Fetot) were quantified photometrically immediately after 183 

sampling. Electrical conductivity and pH were determined for each depth. Redox potentials for 184 

profile A2 (10 cm and 70 cm) were obtained from a permanently installed redox logger.  185 
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Peat profiles of 80 cm depth were collected within a radius of ~30 cm from the peeper position 186 

using a Russian Peat Corer (Figure 1Error! Reference source not found.). The cores were 187 

separated into 10 cm depth sections. Each sample section was transferred to an argon-filled glass 188 

bottle (50 mL, Duran) and purged again with argon before closing the PTFE-sealed screw caps 189 

and stored cool (4°C) to minimize microbially induced sample change until further use. 190 

 191 

2.3. Arsenic desorption experiments 192 

Arsenic desorption experiments were conducted at ambient temperature (~22°C) under anoxic 193 

conditions and with three different S additions (sulfate, sulfide, and polysulfide) plus one control 194 

(without S addition) to investigate the role of S for As mobilization. Peat samples were chosen 195 

from two different profiles (A1, A2; Figure 1), with eight different depth sections (samples from 196 

0-10 cm, 10-20 cm, …, 70-80 cm depth), and homogenized anoxically inside a glovebag (Coy, 197 

pO2 <1 ppm) before incubation. Incubations were conducted with three different S additions plus 198 

control (except for A2, 20 cm depth, where triplicates but no sulfate treatment were done) resulting 199 

in a total of 69 individual bottles. The experimental setup was similar to the desorption experiments 200 

described in Eberle et al. (2020). All chemicals were of analytical grade and solutions were 201 

prepared with DDI water (Millipore, ≥18.2 MΩ cm) and purged with N2 before use in anaerobic 202 

incubation experiments.  203 

Wet peat in suspension (carbon (C) concentration 0.2 M, 40 mL) was incubated in serum bottles 204 

with butyl rubber stoppers for 120 h. The solution contained a background electrolyte of 205 

30 mM NaCl for a stable ionic strength and the respective S or no S species, according to one of 206 

the four different treatments.  207 
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The pH in solution was adjusted to the pH of the peat suspension before S addition (±0.02) using 208 

small amounts of HCl and NaOH. Polysulfide addition was chosen to investigate the As-209 

mobilization effect of a reduced S species containing both sulfide and zero-valent S (polysulfide 210 

standard K2Sn, ≥42% K2S basis, Sigma-Aldrich; Eberle et al. (2020): 42% K2S, 58% K2S2). A pure 211 

dissolved sulfide standard was used for comparison to separate the effects of sulfide and zero-212 

valent S. The sulfate treatment was meant to reflect a more natural, slow production of reduced S 213 

by microbial sulfate reduction in contrast to the single-time pulse addition of polysulfides and 214 

sulfide in the other two treatments. 215 

Added S concentrations were referred to the As concentration in 0.2 M C peat suspension. In 216 

polysulfide treatments, the zero-valent S concentration was a nominal 140-fold excess of zero-217 

valent S compared to As content in the peat suspension (~340-fold excess of sulfide). Sulfide and 218 

sulfate concentration in the other treatments were matched to the concentrations of sulfide added 219 

with the polysulfide solution in the polysulfide treatments. Even with this large excess of S added, 220 

the highest added S concentrations were over 2.5-fold lower than S concentrations in the mining 221 

waste water discharged onto treatment peatland A (21 mM sulfate).  222 

For the duration of the experiments, the bottles were shaken and kept dark. After 5 days, the 223 

aqueous phase was sampled with syringe and needle and filtered (0.2 µm, cellulose-acetate). 224 

Subsamples were preserved for As speciation and total element analysis, as well as for 225 

determination of zero-valent S. Concentrations of dissolved sulfide, FeII and Fetot were determined 226 

by photometry immediately after sampling. The pH was determined at the start (t=0 h) and end 227 

(t=5 days) of the experiment. Changes of pH during the experiment were below 0.4 pH units.  228 

 229 
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2.4. Stabilization and analyses of aqueous-phase samples 230 

Samples for As speciation analysis were immediately flash-frozen on dry ice (Planer-Friedrich et 231 

al., 2007). Another aliquot was stabilized in 0.44% H2O2 and 0.78% HNO3 for total element 232 

analysis. Further, 725 µL of filtered sample were stabilized by addition of 25 µL ZnAc (20% (w/v) 233 

ZnAc∙2H2O) for zero-valent S determination and stored cool (4°C) and dark. 234 

Total concentrations of As, S, and Fe in aqueous samples (only As and S for samples from 235 

incubations) were determined by inductively coupled plasma-mass spectrometry (ICP-MS, 236 

XSeries2, Thermo-Fisher) as AsO+ (m/z 91) and SO+ (m/z 48) in oxygen mode and Fe+ (m/z 56) in 237 

KED-mode (kinetic energy discrimination, -3V, with a mixture of 93% He and 7% H2 as collision 238 

gas) with rhodium as internal standard.  239 

Aqueous As speciation (arsenite, arsenate, thiolated, methylated, and methylthiolated As species) 240 

of samples with total As concentrations ≥67 nM (5 µg/L) was determined by anion exchange 241 

chromatography (ICS-3000, AG/AS 16 IonPac column, Dionex; 20-100 mM NaOH at a flow rate 242 

of 1.2 mL/min) coupled to an ICP-MS after thawing of flash-frozen samples in a glovebag (Planer-243 

Friedrich et al., 2007). Calibration standards were made from sodium arsenate dibasic-244 

heptahydrate (Na2HAsO4∙7H2O, Fluka), sodium (meta)arsenite (NaAsO2, Fluka), sodium 245 

cacodylate (C2H6AsNaO2·3H2O, Sigma-Aldrich) and disodium methyl arsenate 246 

(CH3AsNa2O3·6H2O, Fluka) in DDI water. Peak identification was confirmed by spike tests with 247 

synthesized standards in sample matrix and by comparison to retention times identified by 248 

Wallschläger and London (2008). 249 

Zero-valent S was determined as described by Kamyshny et al. (2009) and modified by 250 

ThomasArrigo et al. (2016). Therefore, ZnAc stabilized samples were extracted with 700 µL 251 

chloroform (CHCl3) while shaking for 1 h and analyzed by high-performance liquid 252 
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chromatography (HPLC, LaChrom Elite, L-2130 pump, L-2200 autosampler, L-2420 UV-Vis 253 

detector, Merck Hitachi) using a reversed phase C18 column (Luna, 3µm, 150 x 2.0 mm, 254 

Phenomenex). Samples were eluted with 100% methanol (CH3OH) at a flow rate of 0.2 mL/min 255 

and detected at a wavelength of 254 nm. Calibration standards were prepared from elemental S 256 

(S0) dissolved in chloroform.  257 

In the provisional field laboratory, dissolved sulfide was quantified photometrically according to 258 

the methylene blue method (Cline, 1969) at an absorption wavelength of 605 nm and FeII as well 259 

as Fetot were quantified using the phenanthroline method (Fortune and Mellon, 1938) at an 260 

absorption wavelength of 480 nm using a portable photometer (LASA 100, Dr. Lange). 261 

Photometrical quantification of dissolved sulfide and Fe speciation in the aqueous phase of 262 

desorption incubations was conducted using a multiplate reader (Infinite 200 PRO, Tecan). 263 

Dissolved sulfide concentrations were determined according to the methylene blue method (Cline, 264 

1969) measuring the absorbance at 650 nm and FeII as well as Fetot were quantified using the 265 

ferrozine method (Stookey, 1970) at an absorption wavelength of 570 nm. 266 

 267 

2.5. Solid-phase analyses 268 

Subsamples of homogenized peat depth sections were freeze-dried and milled (MM2000, Retsch) 269 

for solid-phase characterization. Total C content was analyzed with a TOC analyser (multi N/C 270 

2100, Analytik Jena). Arsenic, S, and Fe content in filtered and diluted microwave digests were 271 

determined by ICP-MS, as described for aqueous samples in the previous section, after microwave 272 

digestion of dry peat (soil-to-solution-ratio 1:160, Mars XPress, CEM) using a 5:3 ratio of 65% 273 

HNO3 and 30% H2O2.  274 

  275 
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3. Results 276 

3.1. Solid-phase element distributions in peat soil 277 

The peat contained 47±2% C and had a water content of 89±3%. In the peat profiles, As contents 278 

peaked near the peat surface and close to the mining waste water distribution ditch (<200 m 279 

distance) with 2.6 mmol/kg and 3.2 mmol/kg in the top 10 cm of sampling points A1 and A2, 280 

respectively (Figure 2a-c). Total As contents decreased with depth and distance from the inflow 281 

(Figure 2a). In profiles A3-A7, all As contents were below 0.3 mmol/kg (0.08±0.05 mmol/kg). 282 

The As peak near the peat surface close to the inflow coincided with a high Fe content (Figure 283 

2b,c). Generally, Fe contents decreased with depth. Near the inflow and outflow, Fe contents 284 

showed a second peak at the bottom of the profile (Figure 2b,c and Figure SI-4 b-f). Sulfur contents 285 

were high throughout the peatland, ranging from 325-900 mmol/kg (Figure 2b,c and Figure SI-286 

4a).  287 

 288 

3.2. Surface water and pore water chemistry  289 

3.2.1. Inflow and surface water 290 

In the time around the sampling campaign in June 2017 (02/2017-12/2017), the treatment peatland 291 

received mining waste water with stable As concentrations (0.27±0.09 µM), about four times 292 

lower compared to 2016, when the process water treatment plant was not yet in operation. Surface 293 

water concentrations at A1 (0.28 µM) were similar to the inflow water, but slightly enriched 294 

(0.38 µM) at A2. Further along the flow path, As concentrations decreased rapidly and remained 295 

below 0.2 µM from A3 to the outflow. Surface water redox varied between 141 and 464 mV (Table 296 
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SI-3). Electrical conductivity in surface water (3.3±0.9 mS/cm) was comparable to inflow water 297 

(3.4±0.2 mS/cm), whereas pH was similar or lower with a range of 6.7-8.0. Detailed conductivity, 298 

pH, As and sulfate concentrations in mining waste water over the course of 2016 and 2017 can be 299 

found in the Supporting Information (Figures SI-2 and SI-3). 300 

3.2.2. Pore water  301 

Pore water showed a greater variation with respect to both pH (4.3-7.7) and electrical conductivity 302 

(2.4-9.5 mS/cm). Highest pH values were measured in profiles A1 and 2, where pH>7 prevailed 303 

down to a depth of 50 cm. Generally, pH values decreased from circum-neutral to acidic with 304 

depth and distance from the inflow (Figure 3c). In contrast, conductivity increased downwards in 305 

the profile starting from different depths and showed strong correlation with S concentrations 306 

(Figures SI-5 and SI-6). Redox potentials at profile A2 of -168±57 mV in 10 cm depth and -307 

78±68 mV in 70 cm depth confirmed reducing conditions throughout the peat profile. 308 

As concentrations in pore water (5.4 µM, Figure 3a) peaked in the middle of profile A2 (10-60 cm) 309 

and generally decreased towards sampling point A3 (peak 0.63 µM, mean 0.23±0.20 µM), 310 

remaining at very low concentrations thereafter (0-0.52 µM; mean 0.08 µM) similarly to the 311 

decrease in surface water concentrations. Arsenic enrichment in pore water coincided with a peak 312 

of sulfide (Figure 3b), high solid-phase As contents, and highest pH (Figure 3c). At the same 313 

depths, a second reduced S species, zero-valent S, was found. The sulfide peak was 10-fold higher 314 

than the zero-valent S peak both in profiles A1 and A2 (Figure 4c,f), whereas zero-valent S was 315 

present in even lower amounts compared to sulfide (~25-fold higher) in profile A3 (Figure SI-7c). 316 

The total As concentrations followed the same trends over depth as sulfide concentrations until 317 

sampling point A4 (Figure 4a,d and Figure SI-7a,c). For the other profiles further downstream, As 318 

concentration showed a pattern more similar to the Fe concentrations (Figures SI-7 and SI-8). In 319 
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the profiles A1-A3, Fe concentrations were close to the detection limit  and increased up to 200 µM 320 

only at depths below the sulfide peak (Figure 4c,f). All other profiles showed depth patterns of Fe 321 

concentrations consistent with the solid-phase Fe content in peat.  322 

3.2.3. Arsenic speciation 323 

In surface water as well as in the upper 20 and 10 cm of profiles A1 and A2, respectively, arsenate 324 

was the dominant As species (Figure 4a,d; Tables SI-7 and SI-8). In profile A1, the top 20 cm of 325 

the pore water reflected surface water chemistry with arsenate being the dominant As species, 326 

whereas further along the flow path arsenite dominated closer to the peat surface. In the middle of 327 

the profiles, where total As concentrations peaked (20-60 cm), arsenite was the dominant As 328 

species with 50-75%. At this depth methylated, inorganic thiolated and methylthiolated As species 329 

concentrations also peaked (Figure 4a,b,d,e).  330 

Methylated As species (DMA and MMA) were dominant at 70-80 cm of A1 and A2 and in all 331 

analyzed samples of profiles A3-A7 apart from the uppermost 20 cm of A3. With respect to 332 

inorganic thioarsenates, MTAsV was present in slightly higher concentrations compared to DTAsV 333 

and TriTAsV but differences were small. In total, the sum of all three detected inorganic 334 

thioarsenate species contributed up to 7.9% (A1 30 cm) to total As concentration. Methylthiolated 335 

As species were found in more profiles, at a larger depth range and in higher concentrations 336 

compared to inorganic thioarsenates and contributed as much as 15% of the sum of As species. 337 

Monomethylated thioarsenates generally occurred in higher concentrations compared to 338 

dimethylated thioarsenates, and were detected in more samples (A1: MMMTAsV ~ MMDTAsV > 339 

DMDTAsV; A2: MMDTAsV >> MMMTAsV ~ DMDTAsV; Table SI-7). At a depth of 30 cm 340 

within profile A2, both methylated and inorganic thioarsenates peaked with concentrations of 341 

0.58 µM (15%) and 0.12 µM (3%), respectively (Tables SI-4 and SI-5).  342 
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  343 

3.3. Arsenic desorption from peat soil subjected to different S treatments 344 

Anoxic peat soil incubations demonstrated the highest As desorption with aqueous concentrations 345 

of 1.8-8.3 µM after 5 days (Figure 5a,b) in peat from the upper 10 cm, where the total As content 346 

of the peat was at its maximum. In the top 10-20 cm, the absolute desorption of As was highest in 347 

the polysulfide treatment, followed by the sulfide treatment and the sulfate treatment. The lowest 348 

desorption was observed in controls without S addition. Below the upper 20 cm, aqueous As 349 

concentrations release varied little between treatments and depths. The desorbed concentrations 350 

largely followed the solid-phase As contents (Figure 2b,c). Concentrations of sulfide in control 351 

and sulfate treatments were similar, ranging from 190 µM in the hotspot area to below detection 352 

limit at the bottom of the profiles. In sulfide or polysulfide treatments, sulfide concentrations 353 

decreased compared to the added concentration in solution and to a higher extent in polysulfide 354 

treatments than in sulfide treatments. In 60-80 cm of A1, only less than 5 µM sulfide of the initially 355 

added 83-112 µM were left in solution. Low concentrations of dissolved Fe (10-60 µM) were 356 

present in all incubations (Figure SI-9c,d). However, no significant peak at the bottom of the 357 

profile comparable to pore water concentrations (up to 450 and 800 µM in A1 and A2, 358 

respectively) was observed.  359 

Relative desorption of As in percent of total As content of the respective peat material (Figure SI-360 

10) at depths >20 cm was similar between treatments and treatments followed the same pattern of 361 

decreasing desorption as observed for total As desorption. Even though no direct correlation could 362 

be found between relative As desorption and total peat Fe content, relative desorption follows the 363 

general pattern of Fe content in the peat profile. Highest desorption was found in reduced S 364 

treatments of the top 10 cm and 10-20 cm of profiles A1 and A2, respectively, as well as in all 365 
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treatments of 60-70 cm and 70-80 cm depth samples of profile A1 and A2, respectively (Figure 366 

SI-10). In a depth range of 20 to 60 cm and in controls of near-surface peat, similar low fractions 367 

of As (10-20%) were mobilized.  368 

As speciation (Figure 5c,d and Figure SI-11) generally confirmed reducing conditions with a small 369 

contribution of arsenate to total As. Inorganic thioarsenates (TriTAsV > DTAsV > MTAsV) 370 

dominated speciation in the top 30 cm and 40 cm of control treatments of A1 and A2, respectively. 371 

A maximum of 85 and 88% were found in the top 10 cm, in contrast to results from the field, 372 

where maximum percentages of thioarsenates in pore water were lower and occurred at a greater 373 

depth (up to 20% total thioarsenates (inorganic + methylated); Figure 4b,e). In laboratory 374 

incubations, thioarsenate fractions decreased steadily with depth. In A1, no thioarsenates were 375 

detected in 60-70 cm depth, whereas they were found in all depths of profile A2. Concurrently, 376 

fractions of both arsenite and MMA increased with depth. DMA was a trace species found in only 377 

a few samples. This increase in methylated As species with depth is consistent with pore water 378 

chemistry in the field. Methylthioarsenates were found with highest percentages (16% in control 379 

A1, 40 cm) in the middle of the profile similar to the field observations (maximum of 15%) but 380 

were also detected closer to the peat surface. Comparing the As speciation of different treatments 381 

(Figure SI-11), the overall depth pattern appears to be independent of the treatment. Only at the 382 

bottom of profile A1, percentages of MMA were higher than in A2 and thioarsenates occurred at 383 

greater depths and in higher concentration upon S addition in profile A2 compared to A1. Highest 384 

fractions of thioarsenate (98%) were found with polysulfide addition in the 10 cm incubation of 385 

A2. Overall, the fraction of thioarsenate in the incubations increased with increasing pH, whereas 386 

the fraction of methylthioarsenates peaked at neutral conditions (18%, Figure SI-12).  387 
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4. Discussion  388 

4.1. Current arsenic accumulation and retention potential in the treatment peatland 389 

The studied treatment peatland has been used for mining waste water treatment since 2010 and 390 

high retention of As was shown in previous studies (Kujala et al., 2020; Palmer et al., 2015). Data 391 

of the present study confirms continued As retention and accumulation in the peatland (Figure 6). 392 

During our sampling period, in May/June 2017, outflow concentrations of As were only 7% of 393 

initial mining waste water As concentrations. A fast decrease of surface water and pore water As 394 

concentrations along the flow path and accumulation of As mostly in the top peat layers (10 cm) 395 

close to the mining waste water distribution ditch also show the efficient retention. Compared to 396 

2013 (Palmer et al., 2015), the highest As concentration in the solid phase, observed at 10 cm in 397 

core A2, had increased by 22% which corresponds to an 80-fold enrichment compared to 398 

background levels (40 µmol/kg) measured in an area of the peatland unaffected by mining waste 399 

water, north of the mining waste water distribution ditch (Kujala et al., 2020). Yet, in large areas 400 

of the peatland, As contents were still similar to background levels, indicating potential for 401 

continued future As retention. 402 

Solid-phase As speciation was not analyzed in the present study. However, detailed 403 

characterization of S and Fe solid-phase speciation in our previous study on the adjacent treatment 404 

peatland B around 300 m away (Figure SI-1) (Besold et al., 2019), receiving mine drainage water 405 

instead of process water, can give some indication regarding factors controlling As retention in the 406 

treatment peatland A due to similarities regarding geology and sulfate input. Based on data from 407 

treatment peatland B, we assume that also in treatment peatland A sulfate dominates S speciation 408 

and FeIII-phases such as FeIII-NOM complexes and FeIII-(oxyhydr)oxides dominate Fe speciation 409 
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in the partially oxic top peat layers. With depth, fractions of FeII-NOM complexes, FeS as well as 410 

peat thiol-groups will increase.  411 

Low redox potentials at 10 cm depth in the profile of A2 (-168±57 mV) and the presence of 412 

dissolved sulfide in the upper layers of the depth profile indicate that Fe reduction could also be 413 

occurring relatively close to the surface. Subsequently, released FeII likely precipitated with 414 

dissolved sulfide forming FeS and therefore no high FeII concentrations were found in pore water 415 

at depths shallower than 60 cm, where Fe occurred in excess over dissolved sulfide. Hence, we 416 

assume that FeS occurred throughout the peat profile, as measured in treatment peatland B before 417 

(Besold et al., 2019). 418 

The enrichment of As in the near-surface peat layers together with high Fe contents can be 419 

explained by efficient retention of arsenate and arsenite through sorption to FeIII-(oxyhydr)oxides, 420 

FeIII-NOM complexes, and possibly small fractions to FeS already in the upper layers (Figure 6, 421 

box 1). Small amounts of As remain mobile in the mining waste water infiltrating greater depths 422 

of the peat profile; these are likely bound predominantly via abundant thiol-groups of peat (Besold 423 

et al., 2019) and to a lower extent via O-bearing groups of NOM (Biswas et al., 2019; Hoffmann 424 

et al., 2013). Due to high S-saturation of the peatland, As could additionally adsorb to Fe-sulfides 425 

such as FeS (Farquhar et al., 2002; ThomasArrigo et al., 2016) or precipitate as As-sulfides such 426 

as realgar and orpiment (Langner et al., 2012; Langner et al., 2013; ThomasArrigo et al., 2016). 427 

This As-sulfide formation can occur in areas of simultaneous enrichment of As and sulfide and 428 

could have been more frequent in the past when the peatland was still acidic (Cullen and Reimer, 429 

1989; Ferguson and Gavis, 1972).  430 

 431 
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4.2. Current arsenic mobilization in the treatment peatland 432 

Despite the general efficiency of the treatment peatland in decreasing As concentrations from the 433 

input mining waste water and an overall potential for further As retention, a pronounced hotspot 434 

of aqueous As concentrations was observed at roughly 10-50 cm depth in profile A2 ~170 m from 435 

the inflow (Figure 3a). Maximum As pore water concentrations of 5.4 µM exceeded both those in 436 

the input mining waste water (0.27±0.09 µM) and the pore water concentrations near the outflow 437 

(<0.1 µM), which are likely more similar to natural background concentrations, by far. These 438 

significantly elevated As concentrations indicate that previously accumulated solid-phase As is 439 

currently re-mobilized to the aqueous phase (Figure 6), rather than remaining in solution due to a 440 

lack of sorption capacity.  441 

We postulate that a change in peatland pore water pH primarily caused this As re-mobilization and 442 

a combination of factors contributes to this peak occurring at a certain depth. In pristine conditions, 443 

the peatland´s pore waters are acidic (likely pH <5). However, input of high pH mining waste 444 

water and biogeochemical processes in the peatland such as sulfate reduction have lead the pH to 445 

shift to neutral to slightly alkaline conditions (up to pH 8 near the inflow). At the time of sampling 446 

(2017), pH <5.5 was only observed at depths greater than 60 cm in profiles A1-A6. Only in profile 447 

A7, the originally acidic conditions could still be observed at lower depths (30 cm). While 448 

maximum pH values (pH 7.7) did in fact spatially co-occur with the hotspot of aqueous As 449 

concentrations, pH alone is not sufficient to explain the hotspot´s location, because, e.g., pH values 450 

at 10-20 cm depth in A7 are comparable to those at 10-50 cm depth in A2, but aqueous As 451 

concentrations are much lower (<0.1 µM). The area of highest As mobilization can roughly be 452 

delineated by the following conditions in addition to neutral pH: 1.) high previous As accumulation 453 

in the solid phase (limiting the horizontal extension to profiles A1-A3, Figure 2a), 2.) dominantly 454 
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anoxic conditions where sulfate reduction is high and As is less likely to be bound to FeIII mineral 455 

phases or via FeIII to NOM because of FeIII reduction (placing an upper limit at about 10 cm depth), 456 

and 3.) preferential infiltration pathways of the mining waste water. Recent infiltration is reflected 457 

by areas of lower conductivity and lower sulfate concentrations observed in June 2017 (down to 458 

about 60 cm in profile A1, 40 cm in profile A2, and 20 cm in profile A3, Figure SI-5), following 459 

the installation of a process water treatment plant in December 2016 and introduction of mining 460 

waste water with lower sulfate load (Figures SI-5 and SI-6). 461 

Based on the observed peak of aqueous As concentrations in this hotspot we postulate two main 462 

mobilization mechanisms (Figure 6, box 2). The first mechanism is a recent As mobilization by 463 

re-equilibration between solid phase and solution following the change in inflow chemistry with 464 

installation of the process water treatment plant in December 2016. This re-equilibration likely 465 

causes slightly increased aqueous As concentrations throughout the hotspot area. The second 466 

mechanism we postulate is long-term As mobilization due to pore water pH increase and a pH-467 

dependent switch in the role of reduced S with respect to the fate of As in peatlands. We have 468 

reported the potential of S to mobilize As in our previous laboratory study (Eberle et al., 2020) 469 

where addition of sulfide or polysulfides caused substantial As retention by S-bridging to organic 470 

matter at acidic conditions while simultaneously enhancing As desorption by formation of highly 471 

mobile thioarsenates from released arsenite at neutral to alkaline pH. For the treatment peatland, 472 

reduced S (naturally present in the peatland and produced by microbial reduction of sulfate 473 

introduced with the mining waste waters) likely acted as an efficient As sink in the first years of 474 

usage when pore water pH was still relatively acidic (Figure 6, box 3). This sink function is 475 

reflected by high S and As solid-phase concentrations in the hotspot area (Figure 1 and Figure SI-476 

4) with As likely being bound via thiol- and O-bearing groups of peat as well as by Fe- and As-477 
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sulfide precipitates. Under current neutral to alkaline pore water conditions, more reduced S 478 

remains in solution or is actively re-mobilized from organic matter which is in line with previous 479 

studies that have shown lower reduced S binding to NOM at higher pH (Besold et al., 2018; 480 

Hoffmann et al., 2012). Moreover, As-sulfide minerals could dissolve at increased pH (Lengke et 481 

al., 2009). The resulting sulfide peak (Figure 3b) and increased zero-valent S (Figure 4c,f) 482 

concentrations in turn contribute to As mobilization, and thus transforming an As sink into a 483 

source. 484 

The observed aqueous As speciation lends further support to the postulated contribution of S to As 485 

mobilization. Oxy-methylated As species, MMA and DMA, were found in low concentrations 486 

throughout the peatland which is consistent with ubiquitous high sulfate concentrations being 487 

reduced microbially to sulfide and sulfate-reducing bacteria being involved in As methylation 488 

(Bentley and Chasteen, 2002; Chen et al., 2019) (Figure 6, box 2). In profiles A1-3, methylated 489 

As concentrations peaked where total As and sulfide concentrations were highest (Figure 4). In 490 

profiles with overall low total As concentrations as well as in the bottom 20 cm of peat profiles 491 

near the inflow, MMA and DMA were the dominant As species. Both species were also found in 492 

depth with no detectable free sulfide, where sulfide either does not accumulate in solution e.g. due 493 

to precipitation with Fe, or potentially other pathways of As methylation occur (Lafferty and 494 

Loeppert, 2005; Thomas et al., 2011).  495 

At excess dissolved sulfide and in the presence of zero-valent S, inorganic thioarsenates were 496 

found in the pore water. The pH neutralization of parts of the peatland provided favorable 497 

conditions for their formation and persistence, therefore contributing to enhanced As mobility 498 

(Eberle et al., 2020). In addition, even higher concentrations of methylthiolated As species could 499 

be detected, whereby monomethylated tend to dominate over dimethylated thioarsenates, 500 



 

 25 

indicating that thiolation of MMA in presence of sulfide is faster than the reaction pathway leading 501 

to formation of DMA from MMA. Inorganic thioarsenates were only observed at depths where 502 

zero-valent S was detected, while methylthioarsenates were found in a slightly larger depth range 503 

in profile A2. This observation supports the theory that formation of inorganic thioarsenates 504 

requires zero-valent S species (possibly also surface bound zero-valent S) (Besold et al., 2018; 505 

ThomasArrigo et al., 2016), while methylated thioarsenates are formed from MMA and DMA in 506 

the presence of sulfide (Conklin et al., 2008; Wallschläger and London, 2008) (Figure 6, box 2).  507 

Together, inorganic and methylated thioarsenates made up a considerable fraction (up to 20%) of 508 

total aqueous As in pore water. Typically, only inorganic and methylated oxyarsenates have been 509 

considered in previous studies of peatland pore water (González A et al., 2006; Langner et al., 510 

2012; Langner et al., 2013; Rothwell et al., 2009; Rothwell et al., 2010). Inorganic thioarsenates 511 

have only been studied in one peatland before (Besold et al., 2018), where MTAsV was found to 512 

be the dominant species, likely formed by the reaction of arsenite with surface-bound zero-valent 513 

S, and subsequently accumulated under relatively stagnant conditions. In the present treatment 514 

peatland, MTAsV, DTAsV and TriTAsV were present in nearly equal concentrations. The larger 515 

fraction of higher thiolated arsenates might be explained by a larger excess of dissolved sulfide in 516 

solution (up to 189 µM sulfide here vs. no detectable sulfide in Gola di Lago). To the best of our 517 

knowledge, methylthioarsenates have not been previously considered in pore water of other 518 

peatlands. Both inorganic thioarsenates as well as methylated oxyarsenate and thioarsenates 519 

typically sorb less to iron minerals (Kerl et al., 2019; Lafferty and Loeppert, 2005; Suess and 520 

Planer-Friedrich, 2012) and organic matter (Besold et al., 2018) than arsenate and arsenite, 521 

contributing to increased As mobilization.  522 
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As described before (Eberle et al., 2020), we assume that As is originally released as arsenite and 523 

only forms thiolated species in a subsequent reaction with reduced S in solution, thereby keeping 524 

mobilized thioarsenates in solution. However, continuous flow by infiltration of “fresh” mining 525 

waste water may prevent full thiolation or could cause dethiolation especially of higher thiolated 526 

As species and keep larger amounts of As mobile in solution in the form of arsenite. 527 

 528 

4.3. Arsenic mobilization potential from the treatment peatland 529 

Laboratory incubation experiments with the treatment peatland peat showed the full extent of 530 

potential As mobilization by different S species. The highest extent of As mobilization in the 531 

presence of S was observed in samples taken from the top 10 cm (Figure 5). Those samples had 532 

the highest solid-phase As content and, in addition, transitioned from presumably oxic/suboxic 533 

conditions to anoxic conditions during incubation whereas the other depths remained anoxic, as 534 

they were in the field. Lower As mobilization at greater depths is likely a result of lower total As 535 

contents in the peat and efficient sorption of low amounts of As which managed to infiltrate to 536 

these depths.  537 

Relative desorption patterns reveal that As mobilization seems to be mostly associated with the 538 

total Fe solid-phase content (Figure SI-10). A statistical correlation would likely only be found 539 

with solid-phase FeIII because FeII released due to reductive dissolution can sorb again to peat or 540 

precipitated as FeS. In the upper 10 cm, As is likely released due to reduction of formerly stable 541 

FeIII-minerals (possibly also FeIII-NOM complexes) by sulfide, leading to the release of previously 542 

adsorbed arsenite. The released As then reacts with simultaneously formed zero-valent S as well 543 

as with sulfide, forming inorganic thioarsenates (ThomasArrigo et al., 2016), which remain in 544 
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solution. This process reveals a high risk of As leaching if top layers are subject to reducing 545 

conditions, generating high amounts of reduced S by sulfate reduction. Lower relative As 546 

mobilization in the middle of the profile (about 20%) could be explained by a lower fraction of As 547 

bound via Fe-compounds, AsS precipitation with excess sulfide which is not scavenged by FeII, or 548 

because of former equilibration under similar conditions in the treatment peatland, where As was 549 

already found in high concentrations in pore water in the field. In addition, As mobilization from 550 

organic functional groups of the peat may not be as efficient compared to release from high Fe 551 

peat material present in the top and bottom of the profiles.  552 

Similar to the previous incubation studies with model peat (Eberle et al., 2020), the peat 553 

incubations showed higher fractions of thioarsenates compared to field measurements (Figure 4 554 

and Figure 5). With addition of reduced S (sulfide and polysulfide; Figure SI-11c,d,g,h), inorganic 555 

thioarsenates dominated (up to 98%). But also in controls with no S addition, the fraction of 556 

inorganic thioarsenates was higher (up to 88%) than in the field (up to 7.9%). This shows that 557 

thioarsenate formation in the treatment peatland is not limited by reduced S supply, as the peat is 558 

highly S-saturated and sulfate readily leaches from peat (Khan et al., 2019), but kinetically limited. 559 

Stagnant or low flow conditions will likely increase the fraction of As represented by of 560 

thioarsenates. 561 

Furthermore, a variety of effects of reduced S in interaction with pH and Fe on As speciation could 562 

be shown in the incubation experiments. As mentioned before, FeII can control availability of 563 

excess sulfide via FeS precipitation. Therefore, thiolated As species only occurred where sulfide 564 

dominated over dissolved Fe. Inorganic thioarsenates were present in highest percentages at 565 

highest pH (Figure SI-12a), which is consistent with our previous observation of enhanced As 566 

mobilization through inorganic thioarsenate formation at neutral to alkaline conditions (Eberle et 567 
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al., 2020) and increasing fractions of inorganic thioarsenates with increasing pH in paddy field 568 

pore water (Wang et al., 2020). This suggests an increased potential for mobilization by inorganic 569 

thioarsenate formation when a peatland becomes increasingly alkaline. Highest fractions of 570 

methylated thioarsenates were found at near-neutral pH (Figure SI-12b), probably limited by 571 

occurrence of their precursors, methylated oxyarsenates, at low pH (Figure SI-12c) and increasing 572 

sulfide concentrations with increasing pH (Bentley and Chasteen, 2002; Conklin et al., 2008).  573 

In samples from the bottom of the profiles, with acidic pore water pH and high dissolved Fe 574 

concentrations, precipitation of excess sulfide with Fe as well as low pH limited thioarsenate 575 

formation. This lead to a dominance of methylated oxyarsenates, presumably formed by 576 

microbially mediated sulfate reduction (Bentley and Chasteen, 2002; Chen et al., 2019). The effect 577 

of sulfide precipitation is reflected in the difference between considerable thioarsenate formation 578 

in reduced S treatments (34-50%) with low dissolved sulfide concentrations in solution (70-80 cm 579 

of A2; Figure SI-9b) and low fractions of thioarsenates in controls and sulfate treatments (3-7%), 580 

where produced sulfide was likely scavenged by Fe (Figure SI-11e-h). 581 

 582 

4.4. Potential future scenarios 583 

Our study showed that the treatment peatland has been acting as an As sink for many years and in 584 

many areas continues to do so. However, it there are indications of ongoing pH- and S-induced As 585 

mobilization in the field as well as potential for more extensive As mobilization indicated by 586 

results from laboratory incubation experiments. Since treatment peatlands are managed, the 587 

question arises how future management-related changes will affect As mobilization or retention in 588 
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this peatland. Different potential future scenarios are discussed below and summarized in Figure 589 

7. 590 

If the treatment peatland continues to be used for mining waste water treatment with unchanged 591 

inflow chemistry (Figure 7, scenario I: “continue unchanged”), retention of As would likely 592 

continue and As concentrations in peat as well as in pore water would increase until a capacity is 593 

reached as predicted for 2028 in treatment peatland A by Palmer et al. (2015). At the time of our 594 

study in 2017, after seven years in operation, large areas of the peatland still show As contents 595 

similar to natural background. Peatlands have been reported to accumulate high As contents of up 596 

to 6 mmol/kg (González A et al., 2006), a 150-fold enrichment of background levels and about 597 

two-fold higher than the highest As content in the studied treatment peatland. However, the risk 598 

of high As mobilization during operation time or after closure increases with the total amount of 599 

As retained in the peatland, which makes it a highly contaminated site. As the peatland becomes 600 

gradually more alkaline, the risk of As leaching increases due to favorable conditions for 601 

thioarsenate formation.  602 

The second scenario describes a decrease in the contaminant concentrations in mining waste water 603 

discharged onto the peatland (Figure 7, scenario II: “lower contaminant input”). In this scenario, 604 

the treatment peatland may still accumulate As present in waste water. However, lower sulfate and 605 

As concentrations combined with high flow conditions would likely lead to a shift in equilibration 606 

and As could be mobilized from peat into pore water as suggested by the results of the present 607 

field and incubation study as well as our previous desorption study with model peat (Eberle et al., 608 

2020) and a peat incubation study with peat from this site subjected to diluted mining waste water 609 

(Khan et al., 2019). 610 
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Changing hydrological conditions may induce more drastic changes to the peatland. In case of 611 

mine closure or discontinuation of water discharge onto the peatland (Figure 7, scenario III: 612 

“lower/ stopped flow”) stagnant flooded conditions could occur (Figure 7, III a) or the upper peat 613 

layer could become desiccated (Figure 7, III b). Stagnant, flooded conditions could lead to 614 

increased reduction of FeIII-compounds in surface layers of the peat and the subsequent release 615 

adsorbed As (Blodau et al., 2008; Pedersen et al., 2006; ThomasArrigo et al., 2016). Further, 616 

formation of highly mobile thioarsenates as indicated by our desorption experiments and observed 617 

in a natural peatland under stagnant conditions (Besold et al., 2018) could enhance As mobility 618 

(Besold et al., 2018; Eberle et al., 2020). If the peatland desiccates, the upper peat layers could 619 

turn oxic, with the consequence of increased stability of FeIII-compounds such as FeIII-620 

(oxyhydr)oxides and associated As (Blodau et al., 2008; Rothwell et al., 2009). Concurrently, high 621 

amounts of thioarsenates may accumulate in deeper, anoxic parts of the peatland due to low water 622 

flow. The highest risk of As leaching from the peatland can likely be expected when a stagnant or 623 

dry peatland (more susceptible to water table and thus redox fluctuations (Blodau et al., 2008; 624 

Rothwell et al., 2009)) is temporarily flooded (Figure 7, scenario III a). Upon high flow of clean 625 

water, e.g. due to snow melt, formerly oxic sorbents may undergo reduction, releasing As from the 626 

solid phase and high accumulated pore water As concentrations can be flushed from the peat 627 

towards aquatic environments. 628 

For all scenarios, it is assumed that alternating mobilization and re-sequestration processes will 629 

occur over depth and distance as the peatland still has large areas with low As content and therefore 630 

retention potential. Especially mobilized arsenite may be re-adsorbed to available sorption sites 631 

e.g. at more acidic conditions after a short distance. Peaks of aqueous As could therefore migrate 632 

slowly through the peatland towards the discharge. Again, if methylated or thiolated arsenates 633 
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formed, their lower solid-phase retention would contribute to a greater As mobility throughout the 634 

treatment peatland. 635 

 636 

5. Conclusion 637 

The present study focused on As geochemistry and implications for its mobility in a natural 638 

peatland used for treatment of mining waste water. At the time of sampling, As was still well 639 

retained in the peatland, mostly in the upper, more oxic peat layers, presumably in association with 640 

FeIII-phases and further down increasingly through binding to organic functional groups of peat, 641 

sorption to FeS or precipitation as As-sulfides.  642 

However, a peak of As mobilization could be observed close to the inlet of mining waste water at 643 

about 10-50 cm depth, in an area of high (previous) As accumulation in the solid phase and anoxic, 644 

neutral to alkaline pH conditions in the aqueous phase with a peak in dissolved reduced S 645 

concentrations. Arsenic speciation analysis revealed arsenite as dominant species with up to 7.9% 646 

inorganic thioarsenates, 15% methylthioarsenates or 26% methylated oxyarsenates, all of which 647 

are indicators of the effects of sulfate-to-sulfide reduction on As speciation. The potential of 648 

reduced S to increase As mobilization at neutral to alkaline pH, dominantly by thioarsenate 649 

formation, has been confirmed in our incubation study especially when formerly oxic to suboxic 650 

near-surface layers turn anoxic.  651 

There has only been one previous study of inorganic thioarsenates in peatland pore water (Besold 652 

et al., 2018). Due to their presence in this peatland and their high mobility due to low to no sorption 653 

tendency towards NOM and Fe minerals, we highlight the importance to include both inorganic 654 

and methylated thioarsenates in As speciation analyses of peatland pore waters. This is especially 655 
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important in peatlands in transition to neutral and alkaline conditions like the present treatment 656 

peatland, where thioarsenate formation can enhance As mobilization. 657 

Our study showed that the peatland still has large areas with potential for As retention but the risk 658 

of As mobilization from the peatland likely increases with increasing amounts of As accumulated 659 

in the peatland and a discontinuation of flooding may make the peatland more susceptible to redox 660 

fluctuations that lead to As mobilization. Therefore, monitoring should be continued even when 661 

the peatland is no longer actively used for mining waste water purification. Further, detailed solid-662 

phase characterization with regard to mineralogy and speciation of As, S and Fe is needed to 663 

improve risk assessments of potential As mobilization. 664 

  665 
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 846 

 847 

Figure 1: Map of the treatment peatland in Finnish Lapland, described in Palmer et al. (2015) as treatment peatland 4. 848 
Sampling positions (A1-A7) are marked by points, the blue dotted line indicates the margins of the treatment peatland. 849 
The mining waste water distribution ditch (inflow) and outflow area to the river (outflow) are indicated in white. The 850 
sampling methods which were used at all sampling points are shown in the grey box. 851 
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 852 

 853 

Figure 2: Contour plot of solid-phase As content of peat in treatment peatland A over depth and distance from the 854 
inflow (a), as well as profiles of total element contents of As, Fe and S in 10 cm peat core depth sections of sampling 855 
point A1 (b) and A2 (c). Data points represent the middle of each 10 cm section (e.g. 5 cm represents 0–10 cm). 856 

 857 
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 858 
Figure 3: Contour plots of pore water As (a) and sulfide (b) concentrations as well as pH (c) in treatment peatland A 859 
over depth and distance from the inflow. White circles represent the sampled points in the peatland.  860 

 861 
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 862 

 863 

Figure 4: Arsenic speciation in the pore water of profiles A1 (a, b) and A2 (d, e), divided into As oxyanions (left panel) 864 
and methylated, methylthiolated species as well as thioarsenates (middle panel). Individual species for 865 
(methyl)thioarsenates as well as recoveries are listed in the Supporting Information (Table SI-4). Sulfur and Fe 866 
speciation in the pore water of profiles A1 (c) and A2 (f) are displayed in the right panel.  867 
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 868 
Figure 5: Potential mobilization of As after 5 days of incubation of 10 cm depth sections of peat cores A1 (a) and A2 869 
(b) subjected to four different treatments: no S (control), sulfate (+SO4

2-), sulfide (+HS-) and polysulfide (+PS) 870 
addition. The respective As speciation of the profiles A1 (c) and A2 (d) is shown in percentages of sum of species. 871 
Data points represent the middle of each 10 cm section (e.g. 5 cm represents 0–10 cm). Recoveries are listed in the 872 
Supporting Information (Table SI-6). 873 
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 874 

875 
Figure 6: Conceptual model of As retention and mobilization in the treatment peatland derived from As, S and Fe 876 
chemistry observed in the peat and pore water in 2017. The main biogeochemical processes are displayed in box 1-3: 877 
As retention through sorption to Fe minerals or binding to FeIII-NOM complexes under oxic, high pH conditions (1), 878 
mobilization of As at anoxic, high pH conditions at presence of high free sulfide concentrations and zero-valent S in 879 
solution due to release of arsenite from the solid phase and As methylation, inorganic thioarsenate and 880 
methylthioarsenate formation (2), As retention under anoxic, low pH conditions bound to NOM via thiol-groups, to 881 
FeS minerals or by As-S mineral precipitation (3). The concept of potential solid-phase chemistry was derived from 882 
information in Besold et al. (2019), Hoffmann et al. (2013), Langner et al. (2012), Mikutta and Rothwell (2016), 883 
Mikutta and Kretzschmar (2011) and ThomasArrigo et al. (2016).  884 
 885 
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 887 

 888 
Figure 7: Potential future scenarios of As retention and mobilization in the treatment peatland (inflow from the left 889 
indicated by arrows) including As bound in peat (black) and As in pore water (blue) with current state drawn in solid 890 
lines and potential future extent in dashed lines. Upward pointing arrows indicate increasing trend in solid-phase As 891 
content or aqueous As concentration and downward pointing arrows suggest a decrease. 892 


